In this study, we investigated the natural attenuation of antimony (Sb) in the drainage water of an abandoned mine. Drainage water, waste rocks, and ocherous precipitates collected from the mine were investigated in terms of their mineralogy and chemistry. The chemistry of the drainage water was analyzed by measuring pH, oxidation-reduction potential (ORP), and electric conductivity on site as well as by inductively coupled plasma mass spectrometry and ion chromatography. As the drainage flowed downstream, the pH decreased rapidly from 7.05 to 3.26 and then increased slowly to 3.50. In a section where the pH increased, ocherous precipitates occur on a drainage water channel. We determined Sb levels in the drainage water, and the distribution of Sb in the mineral phases of waste rocks and precipitates was estimated by means of a sequential extraction procedure. The results of these investigations indicated that Sb, which is generated by the dissolution of stibnite (Sb 2 S 3 ) and secondary formed Sb minerals in waste rocks, was attenuated by iron-bearing ocherous precipitates, especially schwertmannite, that form over time in the drainage water. The Sb concentrations in the ocherous precipitates were up to 370 mg/kg, whereas the Sb concentrations in the drainage water downstream were below background levels (0.6 µg/L). Bulk distribution coefficients (K d ) for this Sb adsorption to the precipitates ranges up to at least 10 5 L/kg.
ported that Sb is mostly associated with amorphous and crystalline iron oxyhydroxides in river bottom sediments. Studies on Sb attenuation and mobility around mines are reported (Ashley et al., 2003; Craw et al., 2004; Wilson et al., 2004a, b) . According to Craw et al., dissolved Sb is decreased by adsorption of Sb to hydrated iron oxide (HFO) precipitates in mine waters and waters downstream of mines. Sterckeman et al. (2004) indicated that Sb content is strongly correlated with aluminum content in soils, although Thanabalasingam and Pickering (1990) compared the uptake of Sb(III) onto MnOOH, FeOOH, and AlOOH and found that the uptake amounts decrease in that order. All of these observations indicate that the uptake of Sb in sediments and soils involves sorption onto solid phases rather than mineralization. Although Sb sorbents differ from one local sediment environment to another, it is likely that the sorbents are iron compounds, aluminum compounds, or iron-aluminum compounds. On the other hand, where sorbent such as HFO is rare, Sb is more mobile in the environment, and rainfall and tributary dilution are important mechanisms for lowering dissolved Sb levels in the waters (Craw et al., 2004) .
Mine water is one of the main generators of environmental Sb pollution. When a mine water is acidic, the INTRODUCTION Antimony (Sb) is a potential pollutant (Keith and Telliard, 1979; Andreae et al., 1984) which is ubiquitous in the environment, owing to human activities and natural processes. However, there have been few environmental studies of Sb. Filella et al. (2002) have reviewed the scientific literature related to Sb in the environment. According to Filella et al. (2002) , Sb background concentrations in sediments and soils are on the order of 0.2-10 mg/kg. Higher concentrations are directly related to anthropogenic sources, mainly smelting plants (Crecelius et al., 1974; Papakostidis et al., 1975; Grimanis et al., 1977; Ragaini et al., 1977; Ainsworth et al., 1990; Asami et al., 1992; Li and Thornton, 1993) .
To predict the fate and transport of Sb in sediments and soil, we must determine its state in these media. Brannon and Patrick (1985) reported that most sedimentary Sb is associated with relatively immobile iron and aluminum compounds. Leleyter and Probst (1999) re-mine water is called acid mine drainage (AMD; e.g., Nordstrom and Alpers, 1999) . AMD contains dissolved metalloids such as antimony and dissolved metals such as iron, and is produced by the oxidation of sulfide minerals in mines, tailings, and mine dumps. Although AMD must be treated, metal and metalloid contents have been found to be attenuated to background levels even without human intervention in some districts (Chapman et al., 1983; Kimball et al., 1994; Berger et al., 2000; Fukushi et al., 2003) . In an investigation of the Nishinomaki Mine in Gunma Prefecture in Japan, Fukushi et al. (2003) found that Fe concentrations in the drainage from the mine and in a waste dump decrease over time owing to the formation of iron-bearing precipitates. The precipitates consist mainly of poorly crystalline iron oxide (schwertmannite, Fe 8 O 8 (OH) 8-2x (SO 4 ) x (1 < x <1.75)) and crystalline iron oxide (goethite, FeOOH). They also found that the arsenic in the drainage is retained by schwertmannite, so that the As concentration in the drainage is naturally attenuated. The main source of As in AMD in this district is realgar (AsS). Stibnite (Sb 2 S 3 ) also occurs as an ore mineral in this district (Geological Survey of Japan, 1955) , and we suspected that the Sb concentrations in this drainage are similarly retained by schwertmannite and that the Sb concentration, like the As concentration, is therefore naturally attenuated in the drainage water. The objective of this study was to confirm the natural attenuation of Sb and to estimate the distribution of Sb in the poorly crystalline and crystalline phases of iron precipitates. 
MATERIALS AND METHODS

Site description
The Nishinomaki Mine is located in the southwestern region of Gunma Prefecture in Japan (Fig. 1) . The details of As in this mine have already been described (Fukushi et al., 2003) . This paper describes the mineralogy of the mine. The ore minerals include pyrite, argentite, stibnite, realgar, orpiment, tetrahedrite, and hematite, and the filling minerals include quartz and barite (Geological Survey of Japan, 1955) . Stibnite is the main source of Sb in AMD from this site. However, tetrahedrite and Sb impurities in pyrite may be relatively minor additional sources.
The mining waste was dumped in a V-shaped gully (Fig. 1) , and two tailing dams were built to prevent landslides of the dumped waste rocks. The two dams divide the 300-m-long gully into three roughly equal sections. The upstream dam is called the first tailing dam (just above site 4) and the downstream dam (just above site 8) is called the second tailing dam. The distance between the first and second dams is about 120 m. Weathered waste rock has been deposited to a thickness of several meters against the north faces of both dams. Both site 1 (90 m upstream of the first dam) and site 3 (3 m upstream) have adits into the abandoned mine. Site 2 is located 20 m upstream of the first dam. Site 4 is just below the first dam, and sites 5, 6, and 7 are located 20 m, 40 m, and 80 m downstream of the first dam, respectively. Site 8 is just below the second dam, and sites 9 and 10 are located 50 m and 70 m downstream, respectively. The drainage runoff from site 1 flows on the surface of the dump and infiltrates into the deposit north of the first dam. In the deposit at the first dam, infiltrated waters from site 1 and site 2 mix and then exit from a small ditch in the dam as seepage. Similarly, the runoff, infiltration, and seepage of the drainage are repeated from site 4 to site 8. Finally, the drainage runoff flows downstream and enters the Ichinokaya River (site 11). Although the drainage contains little suspended matter, ocherous precipitates attach to the ditch in the first dam (site 4) and to the drainage channel (site 9). In addition, brownish red precipitates thinly coat the waste rocks at the other sites.
Drainage water
We collected drainage runoff flowing on the surface of the dump at seven sites. Drainage water was collected from sites 1, 2, 4, 7, and 11 in October 2000, from sites 1, 4, 8, and 11 in March 2002, and from sites 1, 4, and 9 in May 2004. At other sites, we could not collect drainage runoff because there was no runoff due to effects of rain, season, and landslide. In addition, the discharges were not measured though concentration levels are expected to depend on discharges.
Each water sample was filtered through 0.2-µm membrane and then divided into two portions, which were stored separately in acid-washed 50-mL polyethylene bottles. One portion of each sample was acidified with HNO 3 (trace analysis grade) to make an approximately 0.7% HNO 3 solution for inductively coupled plasma mass spectrometry (ICP-MS), and the other portion was left unacidified for anion analysis by ion chromatography. In May 2004, pH, oxidation-reduction potential (ORP), electric conductivity (EC), and temperature were measured on site with a combination glass electrode (GST-2729C, DKK-TOA), an ORP electrode (PST-2729C, DKK-TOA), and a conductivity meter (CM-21P, DKK-TOA). The pH electrode was calibrated with standard buffer solutions (pH = 4.01 and 6.86) before measuring drainage samples. The error of pH electrode is <0.02 pH units. The ORP electrode was tested using quinhydrone solution at pH = 4. When the observed value is within ±10 mV of the redox potential specified for the quinhydrone solution, the electrode is ready for use. Thus, the error of Eh electrode should be <10 mV. The EC meter was tested using deionized distilled water and 0.1 M KCl. In addition, the Fe(II) content was measured at each site using Water Testers (Simple Pack Fe(II), Shibata). Immediately after the samples arrived at our laboratory, anion analysis was performed by ion chromatography (PIA-1000, Shimadzu). The measurement error of ion chromatography method was within ±5%.
Water sampled in November 2000 and March 2002 was analyzed by an HP-4500 ICP-MS (Hewlett Packard, Germany) at the Japan Atomic Energy Agency, and water sampled in May 2004 was analyzed by ICP-MS (ELAN 6000/6100, Perkin Elmer) at Activation Laboratories Ltd. (Ontario, Canada). Calibration of ICP-MS for elemental concentrations was conducted using commercial aqueous standards of the various elements. Analysis of duplicates for Mg, Al, and Fe indicated a precision better than 5%, while other elements indicated a precision better than 2%. All analytical errors are contained within the symbols of diagrams in this study.
Solid phases
The solid phases collected simultaneously with drainage waters in May 2004 consisted of waste rocks, including hydrothermally altered andesite and ocherous precipitates. The waste rocks were sampled at sites 1, 4, and 7. At site 7, two waste rocks were collected. The precipitates were sampled at sites 4 and 9. At site 4, five precipitates were collected. The weight of each sample was about 100-200 g. Immediately after the waste rock and precipitate samples arrived at our laboratory, the samples were air-dried. Before each experiment, the air-dried samples were sieved through a 2-mm screen and thoroughly mixed prior to analysis.
The waste rocks and precipitates were analyzed with an X-ray powder diffractometer (RINT 2000, Rigaku Co.) at the National Institute of Advanced Industrial Science and Technology, Japan, using monochromatic CuK α radiation operated at 40 kV and 100 mA. A no-reflection Si-plate sample holder was used to minimize scattering from the holder. The oxide content, Sb content, and weight loss on ignition (LOI) were determined for each air-dried sample by means of whole-rock analysis. After determining the weight of LOI, the sample was fused using a lithium metaborate/tetraborate. The oxide content in fusion solution derived from it was analyzed by inductively coupled plasma atomic emission spectrometry (ICP-AES; Enviro II, Thermo Jarrel Ash); the Sb content was analyzed by ICP-MS; and the LOI was recorded as the weight loss after initial heating of the sample. The LOI comprised carbon dioxide, crystal-bound water, organic material, sulfur, and so on. These concentrations were analyzed by Activation Laboratories Ltd. (Ontario, Canada). Calibration of ICP-AES for elemental concentrations was conducted using commercial aqueous standards of the various elements. The detection limit for major elements except for Mn and Ti was 0.01%, and that for Mn and Ti was 0.001%. The detection limit for Sb was 0.2 mg/L.
In addition, analysis of the sulfur content was performed on ~5 mg of each air-dried sample using a Carlo Erba Elemental Analyzer at Tohoku University, Japan. Analysis of duplicates for S indicated a precision better than 5%. The detection limit for sulfur was 0.5 g/kg.
After the mass of the air-dried waste rocks was determined, a sequential extraction procedure was performed to determine the distribution of Sb in the mineral phases of the waste rocks. Extraction conditions and procedures were based on those reported by Yanase et al. (1996) . The sequential extraction procedure consisted of five steps: (1) extraction of exchangeable and carbonate fractions with Morgan reagent (Morgan, 1935) , with the sample (0.6 g) shaken with 30 ml of Morgan reagent (1.0 M sodium acetate adjusted to pH 5.0 by acetic acid) at room temperature for 4 hours; (2) dissolution of poorly crystalline iron oxides by Tamm's acid oxalate (TAO) reagent (Tamm, 1932) , with the residue from Step 1 shaken with 30 ml of TAO reagent (10.9 g/l oxalic acid + 16.1 g/l ammonium oxalate) at pH 3.0 at room temperature in the dark for 4 hours; (3) dissolution of crystalline iron oxides by dithionite citrate bicarbonate (DCB) reagent (Mehra and Jackson, 1960) , with the residue from Step 2 stirred with 35 ml of DCB reagent (1.0 g of sodium dithionite and 60 ml of 0.3 M tri-sodium citrate + 0.1 sodium hydrogen carbonate) at pH 8.5 and 358 K for 30 minutes; (4) degradation of organic materials with hot 6% H 2 O 2 , with the residue from Step 3 stirred with about 150 ml of the H 2 O 2 at 353 K for about 1 week; and (5) dissolution of clay minerals and crystalline aluminum oxides by 6 M HCl, with the residue from Step 4 stirred with 30 ml of 6 M HCl at 358 K for 2 hours. Following each extraction step, the samples were washed twice with 10 ml of deionized distilled water and dried in a temperature-controlled box at 333 K overnight. After each extraction step, the suspension was centrifuged and the supernatant and residue immediately separated by filtration through a 0.45-µm membrane filter. The filtered solution was acidified with HNO 3 (trace analysis grade) for the subsequent concentration measurement of Fe and Sb by ICP-MS. Analysis of duplicates for both Fe and Sb indicated a precision better than 5%.
For air-dried precipitates, a two-step sequential extraction procedure was performed: (1) dissolution of poorly crystalline iron oxides by TAO reagent and (2) dissolution of crystalline iron oxides by 6 M HCl. Because the precipitates mainly consist of schwertmannite and goethite with a tiny quantity of minute quartz and kaolin mineral, we expected no adsorption on and no uptake in organic materials. Thus, extractions with Morgan and H 2 O 2 reagents were omitted. Also crystalline iron oxides were dissolved using 6 M HCl because goethite was completely dissolved by 6 M HCl. Each of the resulting solutions was analyzed by ICP-MS to determine the distributions of Fe and Sb in each fraction.
The residuals after some of the extraction steps were analyzed with the X-ray powder diffractometer.
RESULTS AND DISCUSSION
Chemistry of AMD Table 1 shows the water quality parameters for each site. As the drainage flowed downstream, the pH decreased rapidly from 7.05 (site 1) to 3.26 (site 4) and then increased slowly to 3.50 (site 9), characteristic of the oxidative dissolution of sulfide minerals (especially pyrite) in the mining area. The change in total iron concentrations is shown in Fig. 2 -a with previous work (Fukushi et al., 2003) . In Fukushi et al. (2003) , the concentration decreased from 1.74 mg/L (site 1) to 0.05 µg/L (site 3), increased rapidly to 2.07 mg/L (site 4), decreased slowly to 1.90 mg/L (site 7) and rapidly to 0.46 mg/L (site 8) and relatively slowly to 0.38 mg/L (site 10). The rapid drop in the concentration at site 3 can be explained by the formation of iron hydroxides such as ferrihydrite due to quick oxidation and the extremely low solubility of dissolved ferric iron under neutral pH. The sharp increase in total iron concentration from site 3 to site 4 can be explained by the addition of iron due to the oxidative dissolution of sulfide minerals in the upstream deposit. The decrease in the concentration from site 4 to site 10 can be explained by the formation of schwertmannite. The rapid drop in the concentration at site 11 can be explained by dilution due to joining with the Ichinokaya River. In the current study, the total iron concentrations are lower than previous work. This may be explained by the flow conditions such as effect of rain, season, flow path and so on.
The other water quality parameters we measured did not differ significantly from our previously reported values (Fukushi et al., 2003) , except for the Al concentration. In our previous work (Fukushi et al., 2003) , we observed the following trend in As concentrations as the AMD flowed downstream (Fig. 2-b) : the concentration increased from 33.6 µg/L (site 1) to 255 µg/L (site 3) and then decreased rapidly to 74.7 µg/L (site 4), slowly to 12.5 µg/L (site 8), and relatively slowly to 7.5 µg/L (site 10). The As concentrations we measured previously are added to Fig. 2-b to illustrate the similar concentrations. Fukushi et al. (2003) explained this trend in terms of the uptake of As, mainly by schwertmannite.
In this work, the changes we measured in the Sb concentration as the AMD flowed downstream were similar to those we observed for As (Fig. 2-c) . For example, in March 2002, the concentration of Sb increased from 382 ng/L (site 1) to 3070 ng/L (site 4) and then decreased to 912 ng/L (site 8) and to 360 ng/L (site 10). The Sb concentration in water in an unpolluted district is reported to be below 1000 ng/L (Filella et al., 2002) . Therefore, our results indicate that Sb likely underwent a natural attenuation similar to that observed for As. However, the change in concentrations at the same site was observed. This may be explained by difference in flow conditions; therefore, the difference in flow conditions on Sb concentration is one of the mechanisms by which natural attenuation of Sb proceeds within the drainage water.
Saturation analysis indicated that water samples from all the sites in May 2004 were undersaturated with respect to Sb minerals (e.g., stibiconite (Sb 3 O 6 (OH)) and senarmontite (Sb 2 O 3 ); saturation index <-3). The saturation index was calculated by means of the computer program REACT (Bethke, 1998) using the database (thermoµminteq.dat) with apparent solubility of schwermannite estimated from Yu et al. (1999) . Thus, the decrease in Sb concentration suggests that there was no mineralization involving Sb. The Eh-pH diagram for Sb (shown in Fig. 3 along with the Eh and pH of the drainage) suggests that the most likely chemical species was Sb(OH) 6 -. The Eh-pH diagram was generated with the computer program ACT (Bethke, 1998) using the above database at an Sb concentration of 10 -8 mol/L and a dissolved sulfur concentration of 10 -3 mol/L. In addition, speciation analysis indicated that the predominant Sb species at site 4 was Sb(OH) 6 -. Speciation of Sb was calculated by means of the REACT program (Bethke, 1998) using the database. Under oxic conditions, the existence of dissolved Sb(V) is supported by Vink (1996) and Ashley et al. (2003) and the existence of Sb(OH) 6 -is supported by Lintschinger et al. (1998) . However, owing to the relatively low Sb concentrations, we did not determine the Sb species at the other sites. It is likely that the predominant Sb species at the other sites was also Sb(OH) 6 -because the values of Eh and pH in water at each site were nearly identical. Figure 3 clearly indicates that stibnite is most stable under anoxic conditions in the presence of sulfur and that senarmontite is stable under moderately oxic conditions. Thus, the values of Eh and pH we observed suggest that the Sb in drainages was produced by direct oxidation of stibnite and by oxidative dissolution of senarmontite.
Chemistry of solid phases
Waste rock samples contain white crusts on stibnite. X-ray diffraction patterns of white crusts indicate that senarmontite dominates and that stibnite is present in smaller amounts (Fig. 4) . Precipitate samples contain schwertmannite and goethite, as identified by X-ray diffraction patterns (Fig. 5) . In the precipitates, quartz and kaolin minerals derived from the altered bedrock or waste rocks were detected. Table 2 shows the oxide content in each sample of waste rocks and precipitates. The waste rock samples are denoted by W site numbers such as W1, and precipitate samples are denoted by P site numbers such as P4. The waste rocks contain ~600 g/kg SiO 2 , ~150 g/kg Al 2 O 3 , 100 g/kg LOI (probably water), and ~2 g/kg S. The precipitates contain ~600 g/kg Fe 2 O 3 , ~300 g/kg LOI (probably water), ~25 g/kg S, and a maximum of 30 g/kg organic matter. The Sb content (13-370 mg/kg) in each sample exceeded the background level of Sb in sediments (0.2-10 mg/kg; see Filella et al., 2002) . The whole-rock analysis shows that no oxide correlated with the Sb content (r > 0.950) at >90% confidence level can be found because the data in Fe 2 O 3 can be divided into two groups. Thus, the data in whole-rock analysis is only of minor importance in terms of explaining the recorded trends in Sb concentrations. However, assuming that the main com- ponent of LOI was water, the mixture of Fe 2 O 3 , LOI, and S suggests S-bearing iron hydroxides such as schwertmannite; therefore, the Sb content in samples may correlate positively with the S-bearing iron hydroxide content.
We determined the incremental weight losses that occurred when the samples were subjected to a sequential extraction procedure (data not shown). The TAO reagent dissolves only poorly crystalline materials composed of Fe, Al, or Si. X-ray diffraction patterns of the samples before and after TAO extraction indicated that schwertmannite was only present prior to extraction but goethite was present both before and after extraction (Fig.  5) . Thus, the weight loss during extraction by the TAO reagent can be regarded as indicating the presence of poorly crystalline materials in samples. The DCB reagent (and 6 M HCl) dissolves poorly crystalline and crystalline iron oxides. Therefore, weight loss after extraction by the DCB reagent indicates the amount of crystalline iron oxides because poorly crystalline iron oxides in the samples were dissolved by the TAO reagent. X-ray diffraction patterns of the samples before and after DCB (or 6 M HCl) extraction indicated that goethite was only present prior to extraction. Total weight losses after treatment with both reagents were positively correlated with total Sb content extracted by these reagents (r = 0.749). Table 3 shows the Fe and Sb contents in each fraction. For the samples in this study area, the iron dissolved by the TAO reagent originated from schwertmannite. However, the dissolved iron in the sample from site 1 originated from ferrihydrite, as there are no schwertmannite peaks on the XRD chart. This difference between schwertmannite and ferrihydrite is supported on the Eh-pH diagram of Fe along with the Eh and pH of the drainage (Fig. 6) . The iron dissolved by the DCB reagent (or by 6 M HCl) originated from goethite. The mass subtotal for the iron released by both reagents exceeded 60% of the total amount of extracted iron. The mass subtotal of Sb released by both reagents exceeded 75% of the total extracted Sb. The relationship between the amounts of Fe and Sb released from both reagents is shown in Fig.   7 . Except for iron obtained from site 1, the amount of iron in schwertmannite and the Sb content were positively correlated (r = 0.909) (Fig. 7-a) . The amount of iron in goethite and the Sb content were also positively correlated (r = 0.713) (Fig. 7-b) . Although the amount of data is limited, the difference between the enrichment factors of schwertmannite and goethite can be determined from Fig. 7 . Thus, assuming that the slopes of the regression lines were realistic, we calculated the amounts of Sb uptake on schwertmannite and goethite. The slopes of the regression lines in Figs. 7-a and 7-b indicate that the mass of Sb released per unit mass of iron in schwertmannite was 1.0 ± 0.2 g/kg and the mass released from goethite was 0.31 ± 0.11 g/kg. Assuming that the formula of schwertmannite is Fe 8 O 8 (OH) 6 (SO 4 ), the mass of Sb released per unit mass of schwertmannite was 0.59 ± 0.10 Intensity ( g/kg and the mass released from goethite was 0.19 ± 0.07 g/kg.
These results confirm the strong affinity of Sb for iron hydroxide, especially schwertmannite. Thus, although the dilution effect due to flow conditions remains to be determined, the strong affinity of Sb for iron hydroxide reduced the Sb concentration in the drainage to background levels.
Sb uptake by ocherous precipitates
In May 2004, the maximum concentration of Sb in the drainage (site 4) was 3.47 µg/L, and the maximum Sb contents in schwertmannite and goethite at the same site were 0.45 g/kg and 0.15 g/kg, respectively. These results indicate that the Sb was selectively distributed into the solid phase rather than into the drainage.
We can compare the value for the enrichment factor of Sb in iron hydroxides that we obtained to values determined in the few previous studies. Li et al. (1984) reported that the distribution coefficient (K d ) for Sb on α-FeOOH is approximately 4000 (L/kg). Ambe et al. (1986) reported that the K d value for Sb on hematite at pH 3.3 is approximately 10,000 (L/kg). The value that we obtained for schwertmannite was up to 50 times greater than the values from these previous studies, and our value for goethite was up to 20 times greater than the previous values. Although the values on Li et al. (1984) and Ambe et al. (1986) are from laboratory studies, Craw et al. (2004) Craw et al. (2004) are nearly equal to the values we obtained. Although it is difficult to evaluate the natural values obtained because natural conditions include many unknown parameters, this information should be acknowledged. We should use the natural K d for Sb to predict the fate and transport of Sb in sediments and streams.
Comparison of the Sb content in these iron-containing minerals (Li et al., 1984; Ambe et al., 1986) indicates that the enrichment factor of Sb in schwertmannite is relatively high. There are at least two possible explanations for the high Sb content in schwertmannite. One explanation may be differences in the specific surface areas of these iron oxides; oxides with large surface areas have many uptake sites. Natural schwertmannites have surface areas ranging from 125 to 225 m 2 /g (Bigham et al., 1990) , soil goethites have surface areas ranging from 20 to 200 m 2 /g (Schwertmann, 1988) , and the hematite used by Ambe et al. (1986) has a surface area of 27 m 2 /g. Among the iron oxides in the area of the mine, schwertmannite may have the largest specific surface area, and this large surface area could explain the high Sb content in the schwertmannite.
The second possible explanation involves differences between the Sb uptake processes into various iron oxides. We have suggested that the dominant Sb species in this study area is an oxidized form, Sb(OH) 6 -. Both Sb and As species are anions in this drainage. Thus, Sb uptake by schwertmannite may proceed by a mechanism similar to that for As uptake. According to Fukushi et al. (2004) , we have proposed that the uptake of As by schwertmannite proceeds as follows: Sulfate ions adsorb onto the iron sites, which are positively charged under acidic conditions, and surface sulfate groups are formed:
These surface sulfate groups undergo ligand-exchange with an anion:
In other words, these sulfate groups serve as the dominant exchangeable surface ligands for any element with a strong affinity. The uptake of Sb into schwertmannite may therefore proceed by exchange of surface sulfate groups with dissolved Sb anions. The structure of goethite does not have sites occupied by sulfate, which are the fixing sites for Sb, and surface sulfate groups are not formed. Sulfate adsorbed on goethite surface does not serve as the dominant ligand. Thus the lower uptake of Sb on goethite than on schwertmannite may be explained by the absence of surface sulfate groups. We shall now focus on the uptake of Sb into goethite. Grossl et al. (1997) have proposed that the uptake of Sb(V) on goethite proceeds by a process similar to the uptake process of As(V) on goethite, which involves an exchange reaction between aqueous As(V) species and OH ligands at the goethite surface. According to Grossl et al. (1997) , exchange reactions between aqueous Sb(V) species and OH ligands at the goethite surface may occur in this study area.
For hematite, adsorption has been interpreted in terms of electrostatic attraction and repulsion between the negatively charged Sb(OH) 6 -ions and the hematite (point of zero charge, pH 6.5-8.6) (Ambe et al., 1986) . On the basis of these results, we suggest that the enrichment factor of Sb on schwertmannite with the surface sulfate groups is higher than the enrichment factor on the other iron oxides.
Because the iron sulfate oxyhydroxide phases in the mine area include competing anions, such as Sb(V) and As(V), which can exchange with sulfate ions, competition between the anions for adsorption onto the phases is expected. We can investigate this competition by comparing the distributions of As, Sb, and sulfate on schwertmannite. To determine this distribution, we divided the As, Sb, and sulfate contents in precipitates by the iron content in the precipitates and then used the resulting values as normalized values. The normalized Sb content was 5 orders of magnitude higher than that in the drainage. The normalized As and sulfate contents were 6 orders of magnitude and 2 orders of magnitude higher than those in the drainage, respectively. The values for As and sulfate were calculated using the whole-rock analysis data (Table 2 ) and previously reported data (Fukushi et al., 2003) . These calculations indicate that the distribution coefficients of As, Sb, and sulfate on the solid phase decreased in that order, which means that the affinities of As, Sb, and sulfate for the phase decreased qualitatively in the same order.
The high affinity of As(V) for schwertmannite retards the transformation of schwertmannite to goethite (Fukushi et al., 2003) . Because the uptake mechanism for Sb(V) is similar to that for As(V), we expect that Sb(V) retards the transformation of schwertmannite to goethite because the affinity of Sb for schwertmannite is higher than the affinity of sulfate for schwertmannite. However, the Sb sorbed on schwertmannite may not remain in place for long. Encounters with anions such as As(V) that compete for the sorption sites of Sb(V) on schwertmannite may release Sb at the surface sites into solution. If so, the released Sb would immediately be sorbed by the newly formed schwertmannite downstream. Thus, we expect the attenuation of Sb in the drainage and the retention of Sb by schwertmannite to continue for a long period unless the levels of anions competing for the sorptive sites for Sb(V) increase or unless reductive dissolution of schwertmannite occurs.
CONCLUSION
By carrying out mineralogical and chemical characterizations of water and solid samples collected from an abandoned mine, we demonstrated the natural attenuation of Sb in the mine district. The Sb concentration in the drainage was reduced to background levels by sorption onto ocherous precipitates, particularly schwertmannite. We propose that this sorption process can be explained in terms of the affinities of various elements for schwertmannite: the affinities of As, Sb, and sulfate for the precipitate phases decreased in that order.
